Coastal environments are vulnerable to land development due to human population growth that has increased nitrogen and phosphorus loading into receiving estuaries. As a result, phytoplankton blooms have proliferated as "bottom-up" (resource) processes outweigh "top-down" (removals). This study investigated phytoplankton biomass and assemblage regulation by both N-form (ammonium, nitrate, urea) and zooplankton at two southeastern United States estuaries (the urban Charleston Harbor and less-developed Ashepoo-Combahee-Edisto Basin) with contrasting land cover patterns through in situ nutrient addition bioassays (spring and summer, 2015-2016) and dilution experiments (summer 2016). Phytoplankton responses to N exhibited no clear patterns during spring. By comparison, summer chlorophyll a (Chl a) increases were significant (p < 0.05) in response to all provided N forms, and diatoms contributed most to total biovolume with biovolume increases higher at the more developed site per estuary. Phytoplankton Chl a and biovolume were generally greatest when all nutrients were added in combination, but nitrate added alone frequently elicited the lowest response. Ciliate abundances were high at most sites with lower mesozooplankton abundances. Accordingly, microzooplankton grazing rates were highest for < 5 μm and < 20 μm Chl a fractions, often corresponding with the highest phytoplankton growth rates. Ciliate abundances tracked Chl a during bioassays, highlighting their role as important biomass controls in these estuaries. Results can be used to inform nutrient management decisions, as continued development will increase nutrient loading to developed and developing systems.
Coastal environments are becoming increasingly vulnerable to land development as human populations grow and migrate shoreward (Neumann et al. 2015) . This expansion has increased impervious surface cover and runoff volumes, thereby altering hydrologic cycles and the processing of pollutants and other compounds (Shuster et al. 2005) . Consequently, nutrient loading by nitrogen (N) and phosphorus (P) into receiving aquatic systems has escalated (Howarth and Marino 2006) , often leading to harmful algal blooms (HABs) (reviewed in Anderson et al. 2008; Heisler et al. 2008) , hypoxia, fish kills, and habitat loss (e.g., Pinckney et al. 2001; Bricker et al. 2008; Rabalais et al. 2010) . Continued development is likely to augment bloom events.
Phytoplankton biomass is regulated by a combination of "bottom-up" factors that stimulate cell growth (nutrients, light) (e.g., Cloern 1999; Smayda 2008) and "top-down" factors for removal (sinking, grazing, viral lysis, programed cell death) (e.g., Bidle and Falkowski 2004; Buskey 2008; Smayda 2008; Rothenberger and Calomeni 2016) . In coastal and marine waters, N-limitation (N : P < 16) is common (Carpenter et al. 1998; Pinckney et al. 2001; Howarth and Marino 2006) . For example, in southeastern United States (US) estuaries, dissolved inorganic N (DIN) : dissolved inorganic P (DIP) and total N (TN) : total P (TP) tend to be < 16 : 1 (Rudek et al. 1991; Piehler et al. 2002; Peierls and Paerl 2010; Keppler et al. 2015; Reed et al. 2016) , with phytoplankton generally not co-limited by P due to high ambient concentrations (Greenfield et al. 2012; Reed et al. 2015 Reed et al. , 2016 . Accordingly, during field bioassays DIN additions increased phytoplankton biomass and productivity in Pamlico Sound, North Carolina (NC) (Piehler et al. 2004) , and additions of both reduced inorganic and organic N-forms stimulated phytoplankton biomass and net growth rates (μnet) in developed South Carolina (SC) waterways (Reed et al. 2015 (Reed et al. , 2016 . N-form further shapes phytoplankton community structure. Diatom abundances have been linked with nitrate (NO 3 − ) uptake (Heil et al. 2007; Glibert and Berg 2009) , though ammonium (NH 4 + ) is energetically favorable (Twomey et al. 2005; Bronk et al. 2007; Altman and Paerl 2012) and may inhibit or suppress nitrate uptake when concentrations are high (Glibert et al. 2016) . Dinoflagellates and cyanobacteria preferentially utilize dissolved organic N (DON) (Anderson et al. 2002 (Anderson et al. , 2008 Glibert et al. 2006; Bronk et al. 2007; Heisler et al. 2008) , and DON, including urea, has been associated with increased HAB abundances in developed and eutrophic southeastern systems Glibert et al. 2004; Reed et al. 2016) . By comparison, phytoplankton in the Ashepoo-Combahee-Edisto (ACE) Basin, a southeastern system with less surrounding land development, showed few significant phytoplankton growth and assemblage responses to N (Reed et al. 2015 (Reed et al. , 2016 .
"Top-down" controls on phytoplankton assemblages have been studied extensively (e.g., Glibert 1998; Sherr and Sherr 2002; Calbet and Saiz 2005; Calbet 2008; Saiz and Calbet 2011) . Mesozooplankton (0.2-20 mm) influence phytoplankton assemblages by selective grazing according to size (Chen et al. 2017) , nutrition (Rollwagen Bollens and Penry 2003) , and by "sloppy feeding" that releases NH 4 + and DON (Glibert 1998; Ward and Bronk 2001) , fueling production. Along the Atlantic and Gulf coasts, copepods are the most abundant mesozooplankton group (Johnson and Allen 2012) and comprise the largest fraction of the zooplankton community within North Inlet (SC) (Lonsdale and Coull 1977; Houser and Allen 1996) . Since copepods consume microplankton (20-200 μm), they indirectly affect phytoplankton assemblages by releasing grazing pressure (Nejstgaard et al. 2001; Calbet and Saiz 2005; Sherr and Sherr 2007; Calbet 2008 ). Microzooplankton are the major phytoplankton consumers in marine (Murrell et al. 2002; Sherr and Sherr 2002; Calbet 2008 ) and estuarine (BoissonneaultCellineri et al. 2001; Murrell et al. 2002; Putland and Iverson 2007; Quinlan et al. 2009; Ortell and Ortmann 2014) systems when assemblages are dominated by nano-(2-20 μm) and pico-plankton (< 2 μm) (Deonarine et al. 2006; Sherr and Sherr 2007; Strom et al. 2007 ). They are also important grazers during blooms (Strom et al. 2001; Sherr and Sherr 2007) as heterotrophic dinoflagellates can ingest diatom chains larger than their body size (Strom and Strom 1996; Sherr and Sherr 2007; Calbet 2008 ) and some microzooplankton graze HAB species (e.g., Calbet et al. 2003; Olson et al. 2008; Stoecker et al. 2008) . Since microzooplankton growth rates can equal or exceed their prey (Sherr and Sherr 1994) , rates of grazing and phytoplankton growth are often coupled, stabilizing phytoplankton biomass (Strom 2002) . Global estimates of coastal and estuarine microzooplankton grazing rates are 0.40 d −1 and 0.53 d , respectively (Calbet and Landry 2004) , and microzooplankton consume approximately 67% of Atlantic coast daily primary production (PP) (Schmoker et al. 2013) , making them a significant carbon source for higher trophic levels (BoissonneaultCellineri et al. 2001; Calbet 2008 ).
Many studies examining bottom-up and top-down processes together focused on bloom events (Deonarine et al. 2006; George et al. 2015; Kang et al. 2015) because reduced grazing may facilitate blooms (Irigoien et al. 2005; Smayda 2008; Stoecker et al. 2008) . Less is known about how these processes combined influence phytoplankton communities across systems with varying land uses, which is an important consideration because urbanization has accelerated anthropogenic N inputs (i.e., fertilizer, pet waste, septic systems) to coastal systems (Paerl 1997; Valiela and Bowen 2002; Howarth and Marino 2006; Howarth 2008) . Human population growth is occurring at an unprecedented rate in the southeastern US (Bricker et al. 1999; Lewitus et al. 2003; Holland et al. 2004; Sanger et al. 2015) , such that the average decadal human population growth rate in SC coastal counties (22.46%) is more than twice the national average (9.71%; U.S. Census Bureau 2010) . Related development has altered the physio-chemical environment of tidal creeks resulting in ecological alterations (Sanger et al. 2015 ) that potentially decrease ecosystem resiliency in downstream waterbodies (Reed et al. 2016 ). Using coastal SC as an example, the objectives of this study were to (1) quantify the seasonal and interannual effects of N-form on phytoplankton biomass and composition within and between two estuaries that span a range of land uses and presumably nutrient loading, and (2) assess the extent to which zooplankton grazers regulate phytoplankton biomass and influence assemblage composition in the same systems. Since continued development will likely intensify nutrient loading making affected regions more vulnerable to blooms, elucidating site-specific phytoplankton responses to N and whether grazing may attenuate blooms will bridge notable gaps in our understanding of southeastern coastal processes, as recent food web studies are limited for these systems. Such responses can be used to inform nutrient management decisions.
Methods

Site descriptions
A paired study design was used involving two South Carolina (SC) US estuaries, the urban Charleston Harbor and the largely undeveloped ACE Basin. Two tidal creeks per estuary, one located in a river system characterized by comparatively more development (described first per estuary) and another in a relatively less impacted system (described second), were selected ( Fig. 1) . Detailed geographic information system land cover assessments, and therefore degree of development for each watershed surrounding study sites, are provided as separate contributions (Ellis 2017; Ellis et al. 2017) .
Charleston Harbor
Charleston Harbor drains an area of approximately 3000 km 2 and is formed by the confluence of the Cooper, Ashley, and Wando Rivers (Davis and Van Dolah 1992) (Fig. 1) . Although a multibasin hydrographic model is under development, results were unavailable at the time of this publication. However, precipitation-based freshwater input from the Ashley River Basin is approximately 1.4 km 3 yr −1 (Badr et al. 2004 ). Charleston Harbor is surrounded by urbanization, military installations, and industrial buildings, with the surrounding Charleston County (382.3 per mi 2 ) having a population density more than four times the national average (U.S. Census Bureau 2010) . Monitoring of water, sediment quality, and biological condition has shown impairment within the harbor (Van Dolah et al. 2004 , 2013 Bergquist et al. 2009 Bergquist et al. , 2011 (Reed et al. 2016) . Elevated concentrations of nutrients (primarily TP) and fecal coliform bacteria have been found along the Ashley River (Van Dolah et al. 2004 , 2013 Bergquist et al. 2009 Bergquist et al. , 2011 . Reduced N (NH 4 + and urea) has been experimentally shown to stimulate phytoplankton biomass and incidences of HAB species at this site (Reed et al. 2015 (Reed et al. , 2016 , indicating that it is susceptible to N-inputs. (Fig. 1) . It is part of the National Estuarine Research Reserve System (NERRS), and land cover includes natural forest, agriculture, silviculture, waterfowl impoundments, and residential beach communities (Keppler et al. 2015; Reed et al. 2016) . Despite remaining relatively undeveloped, certain areas have elevated TN and TP concentrations (Keppler et al. 2015) , possibly from terrestrial sources (Noble et al. 2003; Johnson et al. 2006) (Reed et al. 2016) . Prior studies showed that despite water of low DIN : DIP (ratios < 16 : 1), phytoplankton biomass tended to not exhibit significant growth responses to N (DIN or DON) and/or P (orthophosphate) (Reed et al. 2015 (Reed et al. , 2016 , indicating their growth was either not nutrient limited or was limited by other factors, such as grazing.
Nutrient addition bioassays
To assess phytoplankton biomass, as chlorophyll a (Chl a), and community composition responses to N-form, nutrient addition bioassays were conducted at each site over a 2-yr period (2015) (2016) during spring (April) and summer (August) when conditions typically favor phytoplankton growth. During 2015, two treatment groups were used: (1) whole (unfiltered) water (UF) and (2) filtrate (F) passed through a 153 μm Nitex ® mesh to exclude adult copepods and large copepodites (Johnson et al. 1990 ) and thus assess whether their grazing controls net phytoplankton biomass, assemblage composition, and ciliate abundances. All water samples (n = 3 per treatment) were collected from 0.3 m depth during mid-ebb tide as follows. UF group water was collected in previously acid washed (soaked 24 h in 10% HCl then rinsed six times with deionized water) 1-liter Nalgene™ polycarbonate bottles, and the F group entailed filtrate dispensed in to polycarbonate bottles. Since preliminary results showed high abundances of ciliates and few statistical growth differences with the removal of the mesozooplankton, 2016 bioassays focused on whole water experiments and concurrent microzooplankton grazing dilution experiments. Nutrients were added directly to the bottles at Redfield ratio (16 : 1 as 20 μg at −1 N and 1.25 μg at −1 P) (Redfield 1958 ). Since P is thought to neither limit nor co-limit many SC coastal systems, including those considered here (Greenfield et al. 2012; Keppler et al. 2015; Reed et al. 2015 Reed et al. , 2016 , N was added in combination with P to produce six treatments: (1) no addition, control (C), (2) were placed randomly in nylon mesh bags and incubated in situ at the subsurface (~0.3 m depth) to avoid photoquenching for 48 h, at which time they were transported to the lab in coolers for analyses.
Water quality and irradiance During each experiment, water quality parameters [temperature (T), salinity (S), dissolved oxygen (DO), pH, turbidity, and Chl a] were recorded at 15 min intervals using a YSI 6600 sonde deployed with a cement weight such that the sonde was~1 m above the creek bottom. Triplicate water samples were collected as above to determine initial [t(0)] concentrations of Chl a, nutrients, and plankton. A YSI-2030 Pro measured t(0) subsurface (0.3 m depth) water quality (T, S, and DO), and a miniLab ® ISFET meter was used to record 
Water chemistry
Upon return to the laboratory, all samples were rotated gently (~10 times) to ensure they were well mixed. To sample for total dissolved N and P (TDN ) were calculated by subtracting the filter weight from dry weight.
Phytoplankton biomass, community composition, growth rate, and biovolume Bioassay Chl a was measured in two size fractions: total and < 20 μm to discern the relative contributions of the microplankton and the combined nano-and picoplankton, respectively. Aliquots of up to 40 mL from each replicate t(0) and bioassay water were concentrated on to 25 mm GF/Fs under a gentle vacuum. Filters were placed in 20 mL plastic scintillation vials, 1 mL saturated MgCO 3 was added to buffer against acid degradation of Chl a, and samples were frozen (−20 C) until analyses. The pigment was extracted with highperformance liquid chromatography (HPLC) grade acetone (90%) for 36 h, and a Turner TD 700 fluorometer was used to measure Chl a concentrations (Welschmeyer 1994) . Phytoplankton growth rates (μ) were calculated as μ = [ln (B t /B 0 )]/t, where B t = final biomass as Chl a, B 0 = t(0) biomass, and t = duration (d).
To determine qualitative phytoplankton community composition, one aliquot (~2-4 mL) from each t(0) and bioassay treatment was randomly selected and viewed using a Lab-Tek Chamber slide under a Nikon Eclipse TS100 inverted microscope. Individual phytoplankton cells were visually identified to the lowest taxonomic level possible. Aliquots (100 mL) of t(0) and bioassay water were then placed in to 120 mL amber glass bottles and preserved with Lugol's iodine solution to a final dilution of 3% for cell counting. Enumeration of phytoplankton cells, primarily the micro-and nanoplankton, was performed using a Sedgewick rafter counting chamber and a Nikon Eclipse 50i microscope until a minimum of 300 cells for each major taxa (centric and pennate diatoms, dinoflagellates, cyanobacteria, cryptophytes, and flagellates), or the entire chamber was counted. Since a mixed assemblage includes phytoplankton species of varying shapes, sizes, and thus carbon content, cell counts do not always convey relative taxonomic contributions to overall biomass (Hillebrand et al. 1999 ). Consequently, cell biovolume (carbon biomass) was calculated as follows. Observed phytoplankton taxa were assigned their closest geometric shape or set of shapes (Supporting Information Table S1 ). Images of 15 cells per shape within each taxon were captured per treatment then imported to the acquisition software iSolutions Lite to measure cell dimensions and calculate volume. Published values (Olenina et al. 2006 ) for height were used if needed, and carbon conversion factors (Menden-Deuer and Lessard 2000) were then applied to volume estimates to calculate the contribution of each taxon to total carbon. Preliminary observations revealed that samples contained a mixed species assemblage with large contributions of diatoms and dinoflagellates, and since these cells may either shrink or swell from preservation with Lugol's iodine, biovolume estimates were not corrected for cell shrinkage as per Menden-Deuer et al. (2001) .
Zooplankton abundances
Microzooplankton (ciliate) abundances in the t(0) and bioassay samples were enumerated concurrent with phytoplankton cell counts as above. Additionally, at t(0), 12-20 L of subsurface (0.3 m depth) water was passed through a 153 μm filter on site, and zooplankton retained on the filter were backwashed using freshwater in to a 120 mL amber glass bottle containing Lugol's iodine solution to a final dilution of 3%. Samples were transported to the lab in a cooler then placed in a refrigerator until enumeration. All visible mesozooplankton were counted and characterized in to six major taxonomic groups: copepods (calanoid, cyclopoid, or harpacticoid), copepod nauplii, barnacle nauplii, or "other" (i.e., polychaetes, shrimp/crab larvae) using a 39 mL WILDCO © Bogorov counting chamber under a Nikon SMZ800 dissecting microscope.
Grazing experiments
Since 2015 results indicated that ciliate abundances and phytoplankton Chl a were highest during the summer, dilution experiments (Landry and Hassett 1982) were conducted during August 2016 alongside bioassays to estimate microzooplankton grazing rates. Before each experiment, treatment bottles were acid washed then rinsed as above. To assess microzooplankton grazing, whole water was filtered (153 μm as above) to remove adult copepods, then filtrate was diluted with 0.5 μm-filtered (on site) ambient seawater to 100% (control), 75%, 50%, and 25% filtrate by volume. All treatments were conducted in triplicate using 500 mL polycarbonate bottles with additions of 20 μM at −1 N (as nitrate) and 1.25 μM at −1 P (as orthophosphate) as above (henceforth amended) to ensure phytoplankton growth was not nutrient limited. Additionally, one 100% seawater control was incubated without nutrients (henceforth unenriched; Landry et al. 1995) . Experimental bottles were placed into nylon mesh bags and incubated in situ at the subsurface (0.3 m) for 24 h. Phytoplankton Chl a for three size fractions, total, < 20 μm, and < 5 μm, were evaluated as above to determine the relative contributions of microplankton and nano-and picoplankton, respectively, at t(0) and following incubation. Ciliate abundances were evaluated at t(0) as above.
At the end of each experiment, a 20 mL aliquot from each treatment bottle was preserved in a 30 mL amber glass bottle with Lugol's iodine solution (final dilution of 3%) for ciliate enumeration using a Sedgewick Rafter chamber. The entire chamber was enumerated and ciliate growth rates were calculated based on initial and final abundances. Net phytoplankton growth rates were calculated as above, and phytoplankton growth rates were plotted as a function of dilution level to estimate grazing rates (Landry et al. 1995) as follows. Using linear regression analyses, the slope of the regression line from the amended experiments provided the grazing mortality rate ( g), and the y-intercept was the intrinsic amended phytoplankton growth rate (μ n ). To calculate the unenriched intrinsic phytoplankton growth rate, the following equation was used: μ 0 = k 0 + g, where k 0 is the apparent net growth rate of phytoplankton in the unenriched 100% seawater controls. Percent daily PP grazed was calculated [( g n /μ 0 ) * 100].
Statistical analyses
Statistical analyses were performed using R v. 3.2.2 (R Development Core Team). Pearson's product moment correlation was used to assess correlations between total Chl a and initial water quality (T, S, DO, pH, CP, and k) at sites individually and pooled. Data were tested for normality using a Shapiro-Wilks test then ln (x + 1) transformed if necessary. If transformed data did not satisfy the normality assumption, the nonparametric Kruskal Wallis test and post hoc Dunn's test were used. Two-way ANOVAs were used to assess differences between initial concentrations of nutrients (NH 4 + , NO 2 − + NO 3 − , DON, TN, PO 4 3− , DOP, TP, and Si) by site and season. Outliers were identified using the Dixon test, and values were excluded at a 95% confidence interval. To assess whether nutrients significantly affected Chl a at each site, one-way ANOVAs followed by post hoc Tukey HSD tests were used to determine growth rate differences between additions and the control. One-way ANOVAs assessed differences in phytoplankton growth rates between the UF and F groups per treatment. Two-way ANOVAs were performed separately per site and phytoplankton taxon to assess differences in community composition due to treatment and season. One-way ANO-VA's were performed to determine whether taxa biovolumes were different between the 2015 UF and F groups. Two-way ANOVAs were also performed to assess differences in initial zooplankton abundances across sites and seasons, then sites and years. Linear regressions were used to determine phytoplankton growth rate and microzooplankton grazing rates.
Results
Initial water quality and irradiance
Over the 2-yr study, spring water temperature ranged 19.0-25.4
C across sites compared to 28.6-32.0 C during summer (Table 1) . Salinity was typically lower during spring than summer, likely due to vernal freshwater input, though fluctuations during bioassays indicated strong tidal influences, particularly at BC++ (Supporting Information Table S2 ). Seasonal DO and pH levels were largely comparable across sites, with hypoxia (≤ 4 mg L −1
) during summer 2016 at HC+− and WC−−. Average TSS values differed significantly between site (p = 0.0016, df = 3) and season (p = 0.0067, df = 1) being highest at BB−+ during spring and summer, lowest at WC−− in spring and HC+− in summer, and higher overall during summer (Table 1) (Table 2) , and generally negatively, and with HC+− significantly (p = 0.0392, df = 2), correlated with DO.
Initial water chemistry
Mean concentrations of NO 2 − + NO 3 − differed significantly between sites (p = 0.0015, df = 3), being lowest at HC+− and highest at BC++ ( 
Nutrient addition bioassays
To distinguish net assemblage responses to nutrients from mesozooplankton grazing, Chl a and biovolume responses to nutrient additions in the UF treatments are presented. Differences between the UF and F groups are described separately. No P additions produced significantly different (p > 0.05, df = 5) growth rates from their corresponding controls.
During springs at the Charleston Harbor sites, despite DIN : DIP and TN : TP < 16 at BC++ (Table 3) (Fig. 2d ) and only the AP and ALL treatments were significantly higher than the control (p = 0.0149, df = 5) in 2016 (Figs. 2d, 3d ). BB−+ had greater biovolumes than WC−− both springs as well as typically the highest Chl a across all sites. Diatoms (centric and pennate) contributed > 81% to total biovolume across treatments at BC++, > 53% at HC+− and BB−+ but > 21% at WC−− (Supporting Information  Table S3 ). HAB species were present at all sites. Examples (2015) included Pseudo-nitzschia spp. at BB−+ and HC+−, Alexandrium tamarense and Akashiwo sanguinea at HC+−, Prorocentrum minimum at BC++ and BB−+, and Heterocapsa rotundata at all sites, and (2016) Prorocentrum minimum at the Charleston Harbor sites, Pseudo-nitzschia spp.at BB−+, and Kryptoperidinium foliaceum at WC−−. During summers, phytoplankton μnet in N additions across sites were significantly greater than controls (p = 0.0343, df = 5) except the 2016 AP treatment at BC++ (Figs. 2-3 ). For Charleston Harbor sites, ALL treatments had the highest average μnet both years (Figs. 2e,f, 3e,f ) , and generally the highest ) at WC−−. Similar to Charleston Harbor, biovolume was greater at BB−+ than WC−− except for the 2016 ALL treatment, despite comparable Chl a levels. Diatoms, primarily centric forms, contributed > 76% to total biovolume at BC++, > 68% at HC+−, > 85% at BB−+, and > 52% at WC−− (Supporting Information Table S3 ). Most HAB species observed during springs were present both summers, though Alexandrium tamarense, Scrippsiella trochoidea, and Karlodinium veneficum were present at both Charleston Harbor sites, and Prorocentrum micans was at WC−−. Several diatom blooms occurred during summer 2016. Skeletonema costatum bloomed in all BC++ treatments, with abundances ranging from 2.9 × 10 4 cells mL −1 AE 1.1 × 10 4 (control) to 5.2 × 10 4 cells mL −1 AE 4.1 × 10 4 (ALL), and in BB−+ treatments reaching 2.8 × 10 4 cells mL −1 AE 5.8 × 10 3 (AP).
Abundances of the domoic-acid producing diatom Pseudonitzschia seriata increased in the NP and AP treatments at BB−+, reaching 97 cells mL −1 (bloom level~100 cells mL
; reviewed in Trainer et al. 2012) .
Phytoplankton assemblage composition differed between sites, seasons, and treatments ( Figs. 2-3 ; Supporting Information Table S4 ). At BC++, biovolumes of centric and pennate diatoms and flagellates were significantly (p ≤ 0.0001, df = 1) greater during summer (Figs. 2a,e) , while cryptophyte biovolume was greater during spring (p = 0.0020, df = 1). Only pennate biovolume differed significantly between treatments (p = 0.0305, df = 5; Supporting Information Table S4 ). At HC+−, biovolumes were significantly greater for centric diatoms and flagellates in summer (p ≤ 0.0001, df = 1) compared to dinoflagellates and cryptophytes in spring (p ≤ 0.0265, df = 1), and taxa biovolumes varied significantly (p = 0.0094, df = 5) across treatments. At BB−+, diatom and flagellate biovolumes were significantly greater during summer (p = 0.0003, df = 1), whereas dinoflagellate and cryptophyte biovolumes were greater during spring (p ≤ 0.0001, df = 1), and taxa biovolumes differed significantly across treatments for all diatoms and flagellates (p ≤ 0.0001, df = 5). At WC−−, centric diatom, flagellate, and cyanobacteria biovolumes were significantly greater during summer (p ≤ 0.0001, df = 1) compared to cryptophytes in spring, and flagellate biovolume varied significantly (p ≤ 0.0001, df = 5) across treatments.
Phytoplankton never depleted (< 5% initial concentrations) the total DIN or DON pools but often drew down levels of the provided N-form. As examples, DON concentrations were considerably below initial levels in the 2015 BC++ control, AP, and NP treatments (Table 3, Supporting Information Table S5 ). Phytoplankton depleted the provided summer 2015 DIN at BC++ and at HC+− except in the ALL treatment, while phytoplankton depleted the Fig. S1e-h ). There were no significant differences in taxa biovolumes between the F and UF groups at each site (Supporting Information Table S5 ), except for BB−+ where dinoflagellate biovolumes in the F group were significantly greater (p ≤ 0.0001, df = 1). The F group exhibited comparatively fewer significant taxa differences across treatments. 
Zooplankton abundances
Ciliate abundances did not significantly differ between sites, seasons, or years (p > 0.05, df = 3, 1, 1). Averaging both years, initial mean abundances were highest at WC−− during spring (65.2 AE 11.2 cells mL (Fig. 5b) . Ciliate abundances did not significantly differ (p > 0.05, df = 1) between the UF or F groups during each bioassay except for spring at BB−+, when abundances were higher in the F group (p = 0.0220, df = 1; Fig. 4c ). Total mesozooplankton and copepod abundances differed significantly between sites (p = 0.0079, df = 3; p = 0.0100, df = 3), with average total abundances (groups summed over the study) highest at BB−+ (9.5 individuals L respectively. Abundances did not differ seasonally (p > 0.05, df = 1), but mesozooplankton were generally more numerous during summer and 2016, with calanoid copepods the most common group at all sites except BC++, where barnacle nauplii were usually more abundant.
Grazing experiments
The ratio of μ 0 : μ n was consistently < 1, indicating phytoplankton were nutrient limited, and regressions yielded significant (p < 0.05, df = 10; Table 5 ) slopes for all Chl a size fractions at BC++, HC+−, and WC−−, as well as for the < 5 μm Chl a at BB−+. Phytoplankton growth and microzooplankton grazing rates were generally higher in the < 5 μm and < 20 μm than total Chl a fractions except for WC−−. Across size fractions, phytoplankton μ n and μ 0 in Charleston Harbor were highest at BC++, ranging 2.63-2.96 d −1 and 2.39-2.67 d −1 , respectively (Fig. 6) . At HC+−, μ n ranged from 1.08-1.62 d (Table 5 ). Ciliate growth rates varied considerably (Table 6) 
Discussion
This study investigated the "bottom-up" (nutrient) and "top-down" (grazing) processes that regulate phytoplankton assemblages in two southeastern coastal systems with differing land cover. N-limitation was common, particularly during summers, evidenced by the significantly faster phytoplankton μnet and higher biomass and biovolume in additions than controls. Site-specific phytoplankton responses were likely related to surrounding land cover and ambient nutrients, as the more developed site per estuary exhibited greater summer biovolume responses to N, including 2016 blooms. Phytoplankton Chl a was typically highest in ALL treatments, lowest in nitrate additions, and diatoms usually contributed most to overall biovolume. Ciliates were abundant while mesozooplankton were less numerous, and microzooplankton grazers consumed a large percentage of the ≤ 20 μm-sized plankton, possibly influencing the regulation of phytoplankton biomass and thus trophic energy transfer.
The higher initial summer Chl a values coincided with warmer temperatures, longer photoperiods, and lower k values. The negative correlation between Chl a and k infers periodic light limitation, such as during 2015 at HC+− when high k corresponded to weak responses to N. Attenuation values were often above those reported at WC−− (3.9 m matter that may limit light, including sites considered here (Lawrenz et al. 2010; Reed et al. 2015) . Salinity fluctuations observed from the deployable sonde suggest strong tidal influences that may affect TSS and turbidity through mixing, resuspending sediments, and the horizontal transport of phytoplankton and nutrients. When combined with discharge and other physical properties, these factors can limit estuarine biomass accumulation (Cloern 2001; Domingues et al. 2011 ).
The generally low (< 16 : 1) DIN : DIP supported previous studies suggesting that southeastern US estuaries are primarily N-limited (Mallin et al. 2004; Howarth and Marino 2006; Greenfield et al. 2012; Reed et al. 2016) . The lack of significant responses to P-additions also supported research (Siegel et al. 2011; Greenfield et al. 2012; Reed et al. 2015 Reed et al. , 2016 showing that phosphate does not limit phytoplankton production in SC coastal systems, likely due to natural P-enrichment (Abrams and Jarrell 1995; Litke 1999) . The few significant spring responses at BC++ (most developed) and WC−− (least developed), despite DIN : DIP < 16, coincided with higher μnet in controls than other sites, suggesting that ambient nutrients were sufficient for growth. The elevated NO 2 − + NO 3 − concentrations at BC++ coincided with greater impervious surface cover, which can generate higher intertidal and subtidal NO 2 − + NO 3 − concentrations in affected watersheds (Sanger et al. 2015) . Possible sources include residential fertilizer runoff and pet/animal waste (Paerl 1997) . Conversely, the higher reduced N (DON and NH 4 + ) concentrations at WC−− may have been supplied internally, perhaps through organic matter remineralization from the surrounding wetland vegetation or as by-products of zooplankton grazing (Twomey et al. 2005; Altman and Paerl 2012) . Reed et al. (2015) reported ). g n = grazing rates in amended bot-
), μ 0 = phytoplankton growth rate, and μ n = is calculated as the sum of the net growth rate of the unamended whole seawater controls and the grazing rate ( g n ) with the 95% confidence interval . R 2 = regression correlation coefficient and G = % grazed ( g n /μ 0 ) * 100. Bold values indicate a significant regression (p < 0.05), * indicates p < 0.01, and ** indicates p < 0. Table 5 . Triangles and dashed line depict nutrient amended experiments; circles depict unenriched whole water controls. Note differences in y-axes.
production, supplying an additional~20% of available N (Berman and Bronk 2003) . In this study, the ALL treatments generally resulted in the highest Chl a and biovolume responses while nitrate additions frequently produced the lowest responses. This indicates a preference for reduced N (NH 4 + and urea) for growth and supports Reed et al. (2016) who showed that SC phytoplankton biomass was strongly influenced by reduced N forms, particularly at developed sites and during summers. The lower responses to nitrate could be due to the inhibitory effect of NH 4 + on NO 3 − uptake, with literature threshold levels of Dugdale et al. 2007; Glibert et al. 2016) . The developed Charleston Harbor site (BC++) had greater biovolume and Chl a responses during summers as well as the highest Chl a. The more developed site per estuary also exhibited blooms during 2016. Phytoplankton responses within tidal creeks of the same estuary generally corresponded to surrounding land cover. For example, biovolume responses were consistently lowest at the least developed ACE Basin site (WC−−) compared to greater biovolume and biomass responses at BB−+ both springs. These results support the hypotheses that land cover influences phytoplankton responses to N, with nutrient loading associated with greater Chl a, thereby potentially decreasing a system's resiliency (Reed et al. 2016) . Future studies at additional sites would be beneficial to determine the extent to which observed differences were due to other physical factors. There were occasional disparities between Chl a biomass and biovolume estimates, likely because the ability to visually evaluate all nano-and picoplankton using light microscopy was limited, thus leading to underestimations of biovolume carbon. For example, the large differences in biovolume responses between BB−+ and WC−− during summer 2015 despite comparable Chl a values were probably attributed to indiscernible < 5 μm plankton at WC−−. Alternatively, differences between the two measurements could result from photoacclimation. Since phytoplankton were within incubation bottles, the lack of mixing relative to the estuary could have altered light conditions that changed cell pigment content (Geider 1987) . When comparing estimates of cell carbon from Chl a (C : Chl a of 30; Strickland 1960) to biovolume carbon, Chl a carbon estimates are generally higher, indicating possible photoacclimation (Supporting Information Table S6 ). However, growth rates calculated from biovolume estimates were generally greater than or similar to Chl a growth rates. Thus, while biovolume data do not include all phytoplankton carbon, they provide a good representation of the micro-and nanoplankton community composition responses. Future studies should consider flow cytometry or HPLC (e.g., Reed et al. 2016 ) to characterize potential changes in pigment content.
Initial phytoplankton assemblages were mostly composed of diatoms, and N additions frequently increased diatom biovolume compared to controls. During summer, this often coincided with depletion of the provided DIN, possibly because NH 4 + uptake is positively related to temperature, whereas NO 3 − uptake decreases as temperature rises (Glibert et al. 2016 (Cloern 2001; Anderson et al. 2002) . Si limitation has been linked to cell growth and domoic acid production for the HAB species Pseudo-nitzschia seriata (Fehling et al. 2004; Anderson et al. 2008) , which bloomed summer 2016 at BB−+, though domoic acid was not measured here. Significant increases in dinoflagellate biovolumes, especially in AP treatments, indicate they preferred reduced N forms for growth (Bronk et al. 2007; Anderson et al. 2008) . Additionally, initial dinoflagellate and cryptophyte abundances tended to be higher during spring, potentially due lower salinity . With the exception of spring 2015 N treatments at ACE Basin sites, the contribution of dinoflagellates to overall biovolume remained low, likely because their maximum growth and nutrient uptake rates are typically slower than diatoms (Litchman et al. 2007 ). Dinoflagellates, particularly Kryptoperidinium foliaceum and Heterocapsa rotundata, were the most commonly observed HAB species, but there were no apparent nutrient preferences or differences in occurrences between sites, contrary to Reed et al. (2016) who found relatively more HAB species at developed locations. However, this study only identified whether HAB species were present, and with the exception of Pseudo-nitzschia spp., it is unclear how abundances of specific taxa changed across treatments. Given ongoing coastal development and nutrient loading, a consideration is whether grazers attenuate blooms. Phytoplankton community size structure generally dictates the dominant grazer (Legendre and Rassoulzadegan 1995; Stibor et al. 2004) . In this study, the relative abundances of ciliates and copepods coincided with the percent < 20 μm Chl a. Nano-and picoplankton comprised a larger percentage of Chl a at WC−− (77-86%) than BB−+ (33-69%) which supported the abundant WC−− ciliate community, evidenced by both < 20 μm Chl a and ciliate abundances increasing with N additions. Conversely, the larger phytoplankton cells at BB−+ likely supported the relatively more abundant copepods. Ciliate abundances across sites were similar to the Neuse River Estuary (NC), where they ranged 2-164 cells mL −1 (Wetz et al. 2011 ) as well as a Florida blackwater river (9-73 cells mL
; Quinlan et al. 2009 ). Although copepod abundances were generally less than ciliates, concentrations were comparable to North Inlet (SC) (< 1-48 ind. L −1
; Lonsdale and Coull 1977) and the Neuse River Estuary, where abundances, primarily Acartia tonsa, ranged < 1-45 ind. L −1 (Wetz et al. 2011 ).
The similarity in phytoplankton μnet observed between the 2015 UF and F groups could have resulted from filtering out long diatom chains in addition to mesozooplankton, masking potential biomass increases from relaxed copepod grazing pressure. Additionally, removing adult copepods may have released microzooplankton from grazing pressure thereby increasing ciliate grazing on phytoplankton biomass (Nejstgaard et al. 2001) . Although ciliate abundances were mostly comparable between the UF and F groups, Buskey et al. (2003) observed significantly more ciliates in treatments 4 d after zooplankton removal, indicating that longer experimental durations may lead to such changes. Due to their high nutritional value, mesozooplankton often preferentially consume ciliates and heterotrophic dinoflagellates over phytoplankton (Calbet and Saiz 2005; Sherr and Sherr 2007) . This could explain the significantly greater dinoflagellate biovolumes in the F group than the UF group at BB−+ as mesozooplankton likely consumed dinoflagellates. Mesozooplankton predation of microzooplankton can impact the energy available for higher trophic levels (Calbet and Landry 2004) .
Compared to other regional studies, phytoplankton growth and microzooplankton grazing rates were slightly lower than North Inlet (Wetz et al. 2006) , respectively; Schmoker et al. 2013) . The numerous significant associations between growth and microzooplankton grazing suggest a tight coupling between the two processes, though it may partially reflect the methodological procedure (Gutierrez-Rodriguez et al. 2009 ). The higher phytoplankton growth rates, microzooplankton grazing rates, and percent consumption of PP for the < 5 μm and < 20 μm than total Chl a were similar to other studies (Gallegos et al. 1996; Strom et al. 2007; York et al. 2011) . Saturated feeding and positive slopes were observed in some of the experiments. Saturated feeding was most apparent in the Charleston Harbor, typical of productive, high biomass waters (Dagg 1995; Teixeira and Figueiras 2009; Wetz et al. 2011; York et al. 2011 ) and can result in inefficient biomass control (Chen et al. 2009 ). At BB−+, the positive slope for total Chl a was likely due to saturated feeding and a large percentage of > 20 μm Chl a causing a mismatch in sizes between phytoplankton and the grazers (Chen et al. 2009 ) such that phytoplankton growth outpaced grazing. Ciliate growth rates did fluctuate across dilution levels here and at the other sites, violating the assumption that prey consumption is linearly related to prey density (Landry and Hassett 1982) . Since negative ciliate growth occurred primarily in dilutions containing 50% or less whole water, phytoplankton biomass may have been insufficient to support the ciliates (Dolan et al. 2000; Dolan and McKeon 2005) . However, since biomass seems to be elevated at these sites particularly when nutrients are added, negative ciliate growth rates could also be from intraguild predation (Sherr and Sherr 2002; Franze and Modigh 2013) , resulting in the consumption of up to 79% of microzooplankton production (Franze and Modigh 2013) .
Differences in phytoplankton growth and grazing rates elucidate how these processes may reflect nutrient loading at each site. Microzooplankton grazing generally exceeded μ 0 (thus controlling phytoplankton biomass) except at BC++ where nutrients were elevated and μ 0 was almost double the grazing rates across size fractions, meaning grazers did not effectively control biomass. Furthermore, since μ n generally exceeded grazing rates in nutrient amended bottles, growth and grazing processes became uncoupled with higher nutrient levels (Strom 2002; Irigoien et al. 2005) , as has been observed in other productive systems (Schmoker et al. 2013) . This was especially apparent in Charleston Harbor, where the extent of the increase between μ 0 and μ n was the greatest. The slight increase between μ 0 and μ n in WC−− bottles reinforces Reed et al. (2016) that this least developed site may be more resilient to perturbations such as nutrient loading (Strom 2002) .
While these results represent one experiment at each site and during one season, findings suggest that in urban and developing areas with higher nutrient loading, phytoplankton biomass may not be controlled if growth rates outpace microzooplankton grazing. Although picoplankton may have passed through the 0.5 μm filter in dilution treatments and were subsequently consumed by ciliates, the high PP grazing suggests picoplankton were unlikely to be a primary microzooplankton food source, though further studies are needed to confirm this. This study focused on ciliates because they were the most abundant microzooplankton grazer; however, heterotrophic dinoflagellates (e.g., Gyrodinium sp. and Protoperidinium sp.) were observed at all sites that likely both regulated phytoplankton biomass and were consumed by copepods, so should be evaluated in future studies. Additionally, since phytoplankton biomass can be regulated by benthic suspension feeders (Lonsdale et al. 2009 ), future studies should examine the grazing roles of bivalves such as the native oyster Crassostrea virginica, the invasive Asian green mussel Perna viridis (McFarland et al. 2015) , and non-copepod mesozooplankton, such as barnacle larvae.
Microzooplankton were effective grazers of primarily the nano-and picoplankton, but results herein suggest that grazers may be unable to mitigate phytoplankton biomass increases from N-inputs during summers. At BC++ in the Charleston Harbor, this is apparent as nutrient amended phytoplankton growth rates were uncoupled from microzooplankton grazing rates when phytoplankton Chl a was highest. This increases the potential for algal bloom formation. Results have implications for coastal management because numeric nutrient criteria have been established for TN and TP in SC rivers and lakes, and standards for estuaries are being considered (Alber et al. 2015) . Incorporating biological (phytoplankton) responses in to standard development is imperative because phytoplankton are often the first indicators of degrading water quality that preclude larger, ecosystem level changes . Given these findings, managers should consider land use as a factor influencing estuarine responses. Furthermore, since tidal creeks within estuaries respond differently to additions, standards should be site-specific. Curbing inputs, particularly reduced N, to coastal waterways will be of paramount importance as development is expected to continue across the southeast.
Conclusion
In this study, sites were strongly "bottom-up" regulated (N-limited), particularly during the summer. Land cover and season influenced a site's susceptibility to enrichment as biovolume was generally greater at the more developed site per estuary during summers. Phytoplankton Chl a and biovolume increases were frequently greater when nutrients were added in combination, whereas nitrate generally produced the lowest response, indicating a preference for reduced N for growth. Microzooplankton were major consumers of PP in sites considered here as they grazed a large percentage of the nano-and picoplankton. The minor differences between bioassays with and without mesozooplankton suggest that copepods are either less important as direct phytoplankton controls or that they exert indirect influences by predation on microzooplankton. Since ciliates were numerous and may provide a significant carbon source to higher trophic levels, future studies should continue to investigate the links between micro-and mesozooplankton as well as evaluate the role of heterotrophic flagellate and dinoflagellate grazing in these systems. As the current study represents 2 yr worth of data, additional studies are needed to improve temporal resolution of both phytoplankton growth and zooplankton grazing rates to better capture inter-annual variability. From a management perspective, results indicate that efforts to curb N-inputs to coastal waterbodies in both developed and developing watersheds should focus on reduced forms. Additionally, nutrient criteria efforts should consider site-specific standards, as phytoplankton responses to N appeared to reflect surrounding land-cover.
